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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Pesticides can transport to streams 
where aquatic communities may be 
exposed. 

• Water samples from ≥18 streams were 
analyzed for pesticides from 2012 to 
2019. 

• Frequently detected pesticides included 
neonicotinoid insecticides and 
herbicides. 

• Pesticides detected were related to up-
stream land use and crops. 

• Hazard to aquatic communities was 
found to generally be low, with some 
exceptions.  
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A B S T R A C T   

Aquatic communities can be exposed to pesticides transported from land. Characterizing this exposure is key to 
predicting potential toxic effects. In this study, samples of streamwater from 21 sites were used to characterize 
pesticide exposure to aquatic communities. Sites were in agricultural areas of southwestern Ontario, Canada and 
were sampled monthly from 2012 to 2019 from April to November. Samples were analyzed for a suite of hun-
dreds of pesticides and pesticide degradation products and other water quality indicators (e.g., nutrients). 
Frequently detected pesticides included herbicides (2,4-D; bentazon; MCPP; metolachlor) and neonicotinoid 
insecticides (NNIs) (clothianidin; thiamethoxam) which were detected in >50% of samples collected between 
2015 and 2019. Non-metric multidimensional scaling (NMDS) was used to explore connections between pesti-
cide concentrations and upstream land use and crop type. Detectable concentrations of the NNI clothianidin and 
many herbicides were related to corn, soybean, and grain/cereal crops while concentrations of the NNI imida-
cloprid, insecticide flonicamid, and fungicide boscalid were related to greenhouse/nursery land use. Potential 
toxicity to aquatic communities was assessed by comparing pesticide concentrations to Pesticide Toxicity Index 
(PTI) values. Few samples exceeded levels where acute (1% of samples) or chronic toxicity (10.5%) would be 
expected. The diamide insecticide chlorantraniliprole was detected in several streamwater samples at levels that 
may cause toxicity to aquatic invertebrates, highlighting the need for continued toxicity research into this 
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pesticide class. The number of pesticides detected was positively correlated with nutrient and total suspended 
solids levels, underscoring the multiple stressors aquatic communities are exposed to in these habitats.   

1. Introduction 

Pesticide use plays an important role in maximizing productivity in 
many types of agriculture (Headley, 1968; Sexton et al., 2007). Pesti-
cides used in agriculture can travel from the field of application to 
surface water through spray drift, run-off due to a precipitation or irri-
gation event, and/or leaching (Traub-Eberhard et al., 1994; Williams 
et al., 1995; Schulz et al., 2001). The propensity of a pesticide to move 
into surface water is a factor of physicochemical properties (e.g., solu-
bility in water, ability to sorb to soil, half-life) (Nicholls, 1988; Brown 
and van Beinum, 2009), mode of application, and environmental con-
ditions. When pesticides enter surface water, they can pose a risk to 
various components of aquatic ecosystems, e.g., primary producers, 
macroinvertebrates, fish (Gustavsson et al., 2017; Szöcs et al., 2017). An 
important component of assessing the risk of pesticides to aquatic eco-
systems is being able to characterize the exposure of the ecosystem 
(Solomon et al., 2000). Characterizing exposure involves measuring the 
concentrations of pesticides in aquatic ecosystems (i.e., water, sediment, 
tissue) and understanding how the concentrations of pesticides in the 
various matrices in the aquatic ecosystems change over time (e.g., acute, 
chronic, episodic) (Solomon et al., 1996; Williams et al., 2014). 

To this end, many jurisdictions have implemented monitoring pro-
grams to collect data on the exposure of aquatic ecosystems to pesti-
cides, including Germany (Arle et al., 2016), Italy (Finizio et al., 2011), 
Sweden (Boye et al., 2019), and the United States (USGS, 2020). In the 
Canadian province of Ontario, the Ontario Ministry of Agriculture, Food, 
and Rural Affairs (OMAFRA) and the Ontario Ministry of the Environ-
ment, Conservation, and Parks (MECP) collaborate to administer a 
pesticide monitoring program in streams throughout the province. Most 
of these monitoring stations are located in the southern portion of the 
province where most agricultural land uses are found. The collection 

and measurement of pesticides in water samples is only the first step in 
pesticide monitoring. An equally important component of a monitoring 
program is the analysis of the data collected to determine whether the 
number and concentration of pesticides in water bodies are changing 
over time and whether the pesticides detected pose a risk to aquatic 
ecosystems (Schreiner et al., 2016; Di Guardo and Finizio, 2018; Spycher 
et al., 2018; Chow et al., 2020). The monitoring data can also provide 
insight on how land use in the upstream catchment of monitoring sta-
tions influences the type and concentration of pesticides detected in 
water samples. (Black et al., 2000; Glozier et al., 2012). 

Consequently, the objective of this study was to use the data from the 
MECP/OMAFRA monitoring program collected in Ontario from 2012 to 
2019 to describe the occurrence and concentration of pesticides in 
streams located in various watersheds across southern Ontario. This 
study also investigated the relationships between pesticide concentra-
tions and other water quality indicators along with land use in the up-
stream catchment. In addition, the monitoring data was used to assess 
the potential hazard of pesticide exposure to aquatic communities using 
the Pesticide Toxicity Index (adapted from Nowell et al., 2014). The 
analysis conducted in this study is instrumental to assessing the expo-
sure of Ontario’s streams to pesticides and the associated risk to aquatic 
ecosystems. 

2. Methods 

2.1. Site selection and descriptions 

Streamwater samples were collected from a total of 20 study streams 
and one reference stream in southern Ontario (Fig. 1). Monitoring sites 
were chosen to represent a wide geographic coverage and a broad mix of 
agricultural activities. Upstream catchments ranged in size from 15 km2 

Fig. 1. Map of southern Ontario (Canada) showing the sites that are part of the MECP/OMAFRA pesticide monitoring program.  
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to 6312 km2, with 60% of catchments <100 km2, and 85% < 1000 km2 

(Supplemental Data Table S1). All monitoring sites had >60% agricul-
tural land use in their upstream catchment, except for the reference site 
at Spring Creek and two sites with partial urban influence in the Humber 
River and Holland Marsh. The reference site Spring Creek was located 
outside a National Park and drained mainly forested land. 

2.2. Stream water sampling 

Stream water samples were collected by Conservation Authorities 
1–8x/year during the ice-free months (March–November) from 2012 to 
2019. Sampling was typically concentrated during the growing and 
pesticide application season, with most samples taken during the 
months of May–October. Samples were collected at approximately 
0.3–0.4 m stream depth in multiple pre-cleaned 1 L amber glass bottles 
and shipped on ice to the University of Guelph Laboratory Services Di-
vision for analysis of dissolved pesticides. Samples were not filtered. 
Sites were often (two-thirds of the time) concurrently sampled for gen-
eral water chemistry (in-stream measurements of pH, conductivity, 
dissolved oxygen and water temperature, and grab samples for labora-
tory analysis of total nitrogen, nitrate, nitrite, ammonium, phosphate, 
total suspended solids, and at some sites, metals) under the Provincial 
Water (Stream) Quality Monitoring Network (PWQMN) (https://www. 
ontario.ca/environment-and-energy/map-provincial-stream-water- 
quality-monitoring-network, see Supplemental Data Table S2 for sam-
pling details). Samples were collected on an approximately monthly 
basis and were typically collected based on a schedule rather than 
weather or stream conditions, although some samples may have been 
collected during wet-weather flow events. In particular, samples from 
Gregory Creek, Otter Creek, and Reynolds Creek may have been 
collected during or after wet-weather flow events and these concentra-
tions may be underestimated due to dilution or overestimated due to 
wet-weather flushing. 

2.3. Pesticide analysis 

Water samples were analyzed for pesticides and pesticide degrada-
tion products using both gas and liquid chromatography coupled with 
tandem mass spectrometry at the University of Guelph’s Agriculture and 
Food Laboratory (AFL). The AFL is a Canadian Association of Laboratory 
Accreditation (CALA) and International Organization of Standardization 
and International Electrotechnical Commission (ISO/IEC 17025) 
accredited laboratory. In 2012, each sample was analyzed for 48 pesti-
cides; by 2019, more than 500 pesticides were measured in each water 
sample using three different analytical methods. The following describes 
the current analytical methodologies as of 2019. 

The first method screened water samples for 512 analytes (parent, 
metabolites and isomers) using liquid chromatography/electrospray 
ionization-tandem mass spectrometry (LC/ESI-MS/MS) and gas chro-
matography/electron impact ionization-tandem mass spectrometry 
(GC/EI-MS/MS). Pesticides were extracted from water using the tech-
nique known as the quick, easy, cheap, effective, rugged, and safe 
(QuEChERS) approach which applies dispersive solid phase extraction 
(d-SPE). A sub-sample of the water sample was extracted into acidified 
acetonitrile in the presence of anhydrous sodium acetate and magne-
sium sulfate. The supernatant was split, concentrated, and then diluted 
into either methanol/ammonium acetate (for LC analysis) or hexane (for 
GC analysis). The reconstituted extracts were analyzed in positive ion 
mode using both a SCIEX 5500 ESI-MS/MS coupled with an Agilent 
1260 HPLC and an Agilent GC Quadrupole 7890A GC-MS/MS (electron 
impact ionization). The second method measured phenoxy acid herbi-
cides and neonicotinoid insecticides (NNIs) in water. Prior to extraction, 
the water sample was acidified using sulfuric acid and separated from 
co-extractives using a reverse phase polymeric solid phase extraction 
(SPE) column. The pesticides were eluted from the column using 
methanol and then concentrated and analyzed in both positive and 

negative ionization modes using a SCIEX 5500 ESI-MS/MS. This method 
screened for 9 NNIs (positive ion mode) and 19 phenoxy acid herbicides 
(negative ion mode; except dithiopyr in positive ion mode). The third 
method measured glyphosate and its main degradation product ami-
nomethylphosphonic acid (AMPA) in water samples. Prior to extraction, 
the water was acidified using phosphoric acid and separated from co- 
extractives using a PS/DVB SPE column, suited to the extraction of 
polar organic residues. The final eluant was analyzed in positive ioni-
zation mode using a SCIEX 4000 ESI-MS/MS coupled with an Agilent 
1260 HPLC. For all three methods, several data points were used to 
confirm the presence of a pesticide in the sample: retention time, M + H 
target mass, two fragment qualifier ions, and the ratio of the two frag-
ment ions. 

For the identification and quantification of the compounds, all three 
methods utilized deuterium labelled internal standards, and either 
matrix-matched or solvent based five-point calibration curves. A total of 
ten deuterated standards were used including acetamiprid-d3, bentazon- 
d7, carbendazim-d4, carbofuran-d3, clothianidin-d3, imidacloprid-d4, 
thiabendazole-d6, thiamethoxam-d3, glyphosate-d2 and AMPA-d2. In-
ternal standards were used to correct for matrix impacts on quantifica-
tion and were added at the beginning of the method and carried through 
the entire extraction process. Method performance was monitored for 
analyte recovery using fortified quality control and reagent blank, ma-
trix blank (environmental water) and duplicate samples in all analysis. 
Duplicate samples results were evaluated for consistency. The method 
detection limit (MDL) and method quantitation limit (MQL) for each 
pesticide are provided in Supplemental Data Table S3. The MDL for a 
number of pesticides has decreased from 2012 to 2019. 

2.4. Data availability and analysis 

Dissolved pesticide concentrations and general water chemistry 
(Provincial Water (Stream) Quality Monitoring Network) data and 
associated metadata, including MDLs and MQLs, are available online 
through Ontario Open Data Portal (https://data.ontario.ca/organizat 
ion/environment-conservation-and-parks). All data analysis was 
completed in R v.3.6.3/RStudio v.1.1.463 and associated packages as 
described. Hypothesis tests were conducted with α = 0.05. 

The number of analytes increased over the study period from 48 in 
2012 to 512 in 2019. Method detection and quantitation limits changed 
over the study period, with notable decreases in NNIs MDLs of an order 
of magnitude. Limits are provided in Supplemental Data Table S3. 
Pesticide results reported above the MDL, including those reported as 
less than the MQL were treated as detections. Detection frequencies of 
individual pesticides were calculated for the years 2012–2014 and 
2015–2019 to account for a data artefact produced by the lowering of 
many MDLs and MQLs in 2014/2015. Descriptive statistics were 
calculated for frequently detected pesticides using left-censored data 
techniques to account for censored data (i.e., data less than MDL or 
MQL). Summary statistics (mean, median concentrations) were esti-
mated using robust regression-on-order statistics (robust ROS) via the R 
‘NADA’ package (v. 1.6–1) (Bolks et al., 2014; Lee, 2017), and confi-
dence intervals around the mean were estimated using bootstrapping 
with 1000 iterations (Bolks et al., 2014). 

Relationships between the number of pesticides detected and agri-
cultural land use were assessed using the Kendall rank correlation test in 
the R package ‘ggpubr’ (Kassambara, 2020). Non-metric multidimen-
sional scaling (NMDS) was used to explore the relationships between 
land use and mean pesticide concentrations. NMDS is a type of ordinal 
scaling that represents data along a set number of axes while preserving 
the rank-order relationships among them (Bocard et al., 2018). To 
gather land use data, upstream drainage basins were characterized using 
the Ontario Flow Assessment Tool (https://www.ontario.ca/page/w 
atershed-flow-assessment-tool), and the resulting shapefiles were then 
used to calculate annual land use using Agriculture and Agri-Food 
Canada’s (AAFC) Annual Crop Inventory (ACI) (AAFC, 2020). In 2009, 
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AAFC started producing digital maps of crop type using optical (Land-
sat-5, AWiFS, DMC) and radar (Radarsat-2) based satellite images 
(AAFC, 2020). Land use classifications changed from year-to-year and 
became more specific over time. To standardize land use across time and 
sites, individual land use types in acres were standardized to a per-
centage of total land use and were summarized into broader categories 
for the NMDS (Supplemental Data Table S4). Yearly data was then 
averaged to obtain mean land use over the 2015–2019 time period to 
match the time period with the most robust pesticide data. Pesticide data 
was first subset to include only the most frequently detected pesticides 
using a cut-off of >10% detection in 2015–2019 samples. One pesticide, 
imazethapyr, met this cut-off but was removed as it was only added as an 
analyte in 2018 and therefore had a fewer number of samples. Mean 
pesticide concentrations as calculated via ROS were used in the NMDS. 
Where mean concentrations could not be calculated due to <3 obser-
vations, a value of zero was assigned to obtain a complete data matrix 
for use in NMDS. Mean pesticide concentrations were then standardized 
to a value between 0 and 1 using the ‘decostand’ function and ‘range’ 
argument in the R package ‘vegan’ (Oksanen et al., 2019). NMDS was 
run on a matrix of mean pesticide concentrations for each site using the 
‘metaMDS’ function in ‘vegan’ using the Gower distance metric, a 
maximum of 20 random starts, and 2 specific axes. Pesticides and land 
use vectors were fit on to the NMDS ordination with the ‘envfit’ function 
in the R package ‘vegan’ (999 permutations) (Oksanen et al., 2019). 

Relationships between individual pesticide concentrations and other 
water quality indicators (dissolved nutrients, total suspended solids) 
were assessed using the Kendall rank correlation coefficient (tau) and 
associated p-value computed for singly or doubly censored data via the 
‘cenken’ function in the R ‘NADA’ package (Lee, 2017). Correlations 
were restricted to paired pesticide and water chemistry data for samples 
collected from 2015 to 2019. A secondary analysis was conducted for 
only samples collected during the planting season (May and June) 
during these years to assess relationships when pesticide application is 
typically at the highest level. 

The Pesticide Toxicity Index (PTI) is used as a screening-level tool to 
assess potential toxicity to fish, cladocerans, and benthic invertebrates 
as a result of exposure to a mixture of measured pesticides (Nowell et al., 
2014). The PTI method scales observed chemical concentrations against 
a measure of toxicity or effect in a toxic unit (TU) approach. Toxic unit 
values for each pesticide are summed to give the PTI (Nowell et al., 
2014). In this study we used the existing PTI database in Nowell et al. 
(2014) and amended it to include potential toxicity to primary pro-
ducers as results showed herbicides were frequently detected in streams. 
We included a sensitive toxic concentration for a green algae (typically a 
2 to 5-d EC50 for population abundance for Raphidocelis subcapitata, 
formerly known as Pseudokirchneriella subcapitata) and a macrophyte 
(typically a 7 to 14-d EC50 for population abundance for Lemna minor or 
L. gibba) for the 12 herbicides that were detected in >10% of samples (2, 
4-D; 2,4-DP; acifluorfen; atrazine; bentazon; dicamba; imazethapyr; 
MCPA; MCPP; metolachlor; metribuzin; triclopyr). Toxic concentrations 
were sourced from the ECOTOX database, and priority was given to data 
derived using active ingredient over a pesticide formulation, and to data 
for standardized test durations (4 to 5-d for algae, 14-d for Lemna sp.) 
(Supplemental Data, Table S5). The sensitive PTI score was calculated 
for each sample according to equation (1), where Ei is the concentration 
of pesticide i, n is the number of detected pesticides in the sample, and 
STCit is the sensitive toxic concentration for the pesticide i, for the taxa, t. 

Sensitive − PTIt =
∑n

i=1
(

Ei

STCi,t
) Equation 1 

The sensitive PTI score was compared to two thresholds as used by 
Nowell et al. (2017): a threshold of 1 for acute toxicity and 0.1 for 
chronic toxicity, with toxicity expected where PTI scores exceeded the 
threshold. The PTI is based on acute toxicity data and not sub-lethal 
endpoints (Nowell et al., 2014); the use of a threshold of 0.1 for 

chronic toxicity is comparable to assuming an acute-to-chronic ratio of 
10:1. Additionally, the pesticide resulting in the largest TU as part of the 
PTI score was identified and TUmax. Results reported as less than MDL or 
MQL were treated as zero when calculating the PTI and are therefore not 
included in the toxicity assessment. Where detected pesticides did not 
have an associated toxic concentration given in Nowell et al. (2014), 
that pesticide was not included in the PTI score. While this approach 
could underestimate the PTI score, few pesticides that were frequently 
detected and quantified had missing toxic concentrations for benthic 
invertebrates, cladocerans, or fish (notable pesticides with missing 
concentrations were MCPP, MCPA, 2,4-DP, triclopyr, flonicamid, and 
imazethapyr). Potential differences in PTI scores between the years 
2012–2014 and 2015–2019 were tested via a Wilcoxon test (α = 0.05). 

3. Results and discussion 

3.1. Pesticide occurrence and connections to land use 

A total of 893 samples were collected across the 21 study sites from 
2012 to 2019 (Supplemental Data Table S6), with 90 pesticides (parent 
or degradation products) detected in at least one sample (40 herbicides, 
26 fungicides, and 24 insecticides). Most detected pesticides were 
registered for use in Canada, however infrequent detections of pesticides 
not registered for use in agriculture (i.e., dicloran, fenuron, propazine, 
propham, 2,4,5-T, 2,4,5-TP, DDT and metabolites, dinotefuran, and 
methamidophos) did occur in 2% of samples. Some were legacy pesti-
cides which were once used but are no longer registered such as fenuron, 
propham, DDT, 2,4,5-T and methamidophos, in which case detection is 
likely the result of legacy contamination or transformation in the envi-
ronment, while others may be due to unregistered use or in applications 
other than agriculture. For example, formulations containing dinote-
furan are registered in Canada for veterinary and industrial pest control 
uses but not for use in agriculture (PMRA, 2020). Pesticides were rarely 
detected at the Spring Creek reference site, which is likely due to the 
upstream catchment of this site being dominated by forested land. Four 
samples were collected at Spring Creek from 2017 to 2018; pesticides 
were not detected above the MDL in two of the samples, while two 
samples contained detectable levels of bentazon, MCPA, thiamethoxam, 
and/or 2,4-D, but these pesticides were often below the MQL. One 
sample contained a detectable residue of 0.0017 μg/L of 2,4-D, which is 
100x lower than the mean concentration at sites with intensive 
agriculture. 

Detection frequencies were calculated for each pesticide over two 
time periods: 2012–2014, and 2015–2019. The most frequently detected 
pesticides are presented in Table 1. Of the 292 samples collected from 
2012 to 2014, 215 (74%) contained at least one detected pesticide. The 
herbicide 2,4-D was the most frequently detected pesticide (42%), fol-
lowed by the herbicides, metolachlor (38%), bentazon (34%), atrazine 
(34%), MCPP (23%), and MCPA (16%). Of the 601 samples collected 
from 2015 to 2019, all contained at least one detectable pesticide. The 
herbicide 2,4-D was again the most frequently detected pesticide (92% 
detection frequency), followed by bentazon (90%), clothianidin (88%), 
thiamethoxam (87%). MCPP (65%), metolachlor (54%). The observed 
increase in both the number and frequency of pesticides detected may be 
due to the lowering of detection limits and addition of new analytes in 
2014–2015, rather than an actual increase in pesticides in streams from 
an increase in application. The increased detection of clothianidin and 
thiamethoxam is likely due to improved analytical methodology which 
lowered MDLs by an order of magnitude in 2015. Summarized results for 
each site are available in Supplemental Data Tables S7 to S24. 

Most stream water samples contained pesticide mixtures of two or 
more detected pesticides. In samples taken from 2012 to 2014, 60% 
contained two or more detected pesticides, and 45% contained three or 
more. With the introduction of lowered detection limits in 2015, some 
pesticides were more frequently detected. In samples collected between 
2015 and 2019, 99% contained two or more, and 52% contained eight or 
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more. The sites with the highest number of detected pesticides were in 
Lebo Drain (median 17 detected pesticides), Holland Marsh (median 
13), McGregor Creek and Thames River (median 11), and Reynolds 
Creek and Gregory Creek (median 10). The most pesticides detected in a 
single sample was 23 in a sample from Holland Marsh in summer 2018. 
The most common pesticide mixture detected were the NNIs clothiani-
din and thiamethoxam which were detected together in 81% of samples 
collected from 2015 to 2019. Clothianidin is known to be a breakdown 
product of thiamethoxam, and their co-occurrence has been previously 
demonstrated (Struger et al., 2017). Neonicotinoids are commonly used 
as seed treatments on corn and soybean (Douglas and Tooker, 2015). 
The most recent seed sale data available online through Ontario Open 
Data Portal shows half of all corn and a quarter of all soybean seed sold 
in Ontario during the years 2016–2017 was treated with clothianidin or 
thiamethoxam (Ontario MECP, 2018). Corn and soybean are the most 
popular crops in most of the sub-watersheds sampled (see breakdown of 
major crop type for each site in Supplemental Data Table S1). Other 
frequently detected mixtures included bentazon and the NNIs clothia-
nidin and thiamethoxam (74–78% of samples) (Supplemental Data 
Table S25). 

A significant moderate correlation was observed between the per-
centage of land use in the sub-watershed used for agriculture and the 
number of pesticides detected in a given sample for both the time pe-
riods 2012–2014 (tau = 0.57, p < 0.001) and 2015–2019 (tau = 0.37, p 
= 0.034) (Supplemental Data Figure S1). Non-metric multidimensional 
scaling (NMDS) was used to further explore the relationship between 
pesticides and watershed land use. Stress of the NMDS was 0.095. In 
NMDS plots in Fig. 2, the distance between points approximates the rank 

order of distance between the mean pesticide concentrations, so points 
closer together in space have higher similarities. NMDS revealed simi-
larities between mean dissolved pesticide concentrations in streams and 
commonly used pesticides on corresponding crops in the watershed. The 
neonicotinoid insecticide (NNI) clothianidin, and herbicides (atrazine, 
metribuzin, metolachlor, MCPA, and bentazon) ordinated in similar 
space to corn, soybean, and grain and cereal crop land use (Fig. 2), 
meaning there was similarity between these datasets. The pesticides that 
ordinated with corn and soybean crops can be partially explained by 
patterns of pesticide use in Ontario. From 1973 to 2014, OMAFRA 
organized a farmer survey of agricultural pesticide use in Ontario every 
5 years (Farm & Food Care Ontario, 2015). The results of the most recent 
survey conducted in 2013/2014 showed that the herbicides that were 
most readily used on corn and soybean in the province by mass were 
glyphosate (1,151,051 kg on corn, 1,544,954 kg on soybean), s-meto-
lachlor (547,774 kg on corn, 187,581 kg on soybean), atrazine (293,208 
kg on corn, not registered on soybean), and bentazon (341 kg on corn, 
13,845 kg on soybean (Farm & Food Care Ontario, 2015). Glyphosate 
and its primary degradation product AMPA were detected in <10% of 
water samples from this study, even though a larger mass of glyphosate 
was applied to fields in Ontario than any other pesticide. Glyphosate 
constituted 54% of the mass of pesticide used across all types of crops in 
2013/2014 according the survey (Farm & Food Care Ontario, 2015). 
The low frequency of detection of glyphosate in the water samples (4% 
of 292 samples from 2012 to 2014 and 9% of 601 samples from 2015 to 
2019) collected for this study, despite its relatively high use, may be due 
to glyphosate’s relatively high affinity to bind to soil (Mamy and Bar-
riuso, 2005; Okada et al., 2016). A large proportion of glyphosate 

Table 1 
Summary of pesticide detections and concentrations across all sites for pesticides detected in >10% of all samples.  

Pesticide Acronym 2012–2014a 2015–2019b All years: 2012–2019c 

Detection 
limit(s) (μg/ 
L) 

Detection 
frequency (%) 

Detection 
limit(s) (μg/ 
L) 

Detection 
frequency (%) 

Estimated median 
concentrationd 

Estimated mean 
concentration with 95% 
CI (μg/L)d 

Maximum 
concentration (μg/L) 
and site (year) 

2,4-D 2,4-D 0.01 42 0.0006 92 0.014 0.111 (0.073–0.155) 13, McGregor Creek 
(2017) 

Bentazon BTZ 0.01 34 0.0008 90 0.008 0.044 (0.036–0.054) 2.2, Otter Creek (2012) 
Clothianidin CLO 0.084 9.8 0.002 88 0.015 0.036 (0.038–0.044) 0.97, McKillop Drain 

(2015) 
Thiamethoxam THX 0.09 9.8 0.0006 87 0.010 0.051 (0.043–0.061) 1.7, McKillop Drain 

(2015, 2016) 
MCPP MCPP 0.03; 0.01 23 0.0007 65 0.003 0.014 (0.010–0.018) 0.51, Holland Marsh 

(2019) 
Metolachlor MET 0.1 38 0.03 54 0.045 0.483 (0.314–0.706) 77, Reynolds Creek 

(2017) 
Imidacloprid IMI 0.126 6.2 0.0006 54 0.001 0.058 (0.030–0.100) 11, Lebo Drain (2012) 
MCPA MCPA 0.03; 0.01 16 0.0007 48 0.0005 0.033 (0.015–0.058) 8.7, Gregory Creek 

(2019) 
Dicamba DIC 0.02; 0.01 11 0.002 31 0.001 0.123 (0.064–0.204) 25, McGregor Creek 

(2012) 
Atrazine ATZ 0.1 34 0.07 27 0.022 0.249 (0.183–0.332) 18, McKillop Drain 

(2015) and Otter Creek 
(2019) 

Imazethapyr - NA NA 0.005 22 0.003 0.009 (0.006–0.012) 0.19 (Reynolds Creek, 
2019) 

2,4-DP 2,4-DP 0.02; 0.01 9.4 0.0007 20 0.0001 0.007 (0.003–0.012) 1.7, Lebo Drain (2015) 
Triclopyr TRI 0.03 4.5 0.001 19 0.0001 0.024 (0.006–0.057) 14, McGregor Creek 

(2016) 
Boscalid BSC NA NA 0.1 12 0.032 0.102 (0.081–0.141) 3.9, Lebo Drain (2015) 
Flonicamid FLO NA NA 0.1; 0.002 11 0.0001 0.053 (0.028–0.085) 6.6, Lebo Drain (2015) 
Metribuzin MET 0.1 4.5 0.05 11 0.004 0.079 (0.055–0.111) 7.2, Decker Creek 

(2018) 
Acifluorfen ACI 0.01 4.0 0.001 10 0.00004 0.0006 (0.0004–0.001) 0.067, Decker Creek 

(2019) 

Note: Pesticides were considered detected if they were measured above the method detection limit. 
a N = Only samples collected during years 2012–2014; 292 samples analyzed for all pesticides. 
b N = Only samples collected during years 2015–2019; 601 samples analyzed for all pesticides. 
c N = All samples collected during years 2012–2019; 893 samples analyzed for all pesticides. 
d Concentrations estimated via robust regression-on-order statistics (ROS). 
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residues are retained in the field due to binding to soil particles and the 
glyphosate that does travel to surface water tends to bind to organic 
matter or sediment particles, and not be dissolved in the water column 
so dissolved concentrations would be expected to be low (Maqueda 
et al., 2017). Additionally, a relatively high method detection limit for 
glyphosate in this study of 20 μg/L from 2012 to 2016, and 1 μg/L from 
2017 to 2019 may have masked lower concentrations. Environment and 
Climate Change Canada’s Great Lakes Water Quality Surveillance pro-
gram that monitors pesticide levels in Ontario tributaries detected 
glyphosate in 50% of samples from 2002 to 2016 with a method 
detection limit of 0.00017 μg/L (ECCC, 2020). NNIs were not reported in 
the farmer survey for any field crops, which is likely due to seed treat-
ments not being considered in the survey (Farm & Food Care Ontario, 
2015). As NNIs are commonly used as seed treatments for field crops 
(Douglas and Tooker, 2015) it is not unexpected for clothianidin and 
thiamethoxam in water samples to be associated with the cultivation of 
corn in the upstream catchment. 

The pesticides boscalid, flonicamid, and imidacloprid ordinated in 
similar space as greenhouse/nursery land use (Fig. 2). Flonicamid was 
not reported in the Ontario pesticide survey conducted in 2013/2014, 
potentially because it was a relatively new insecticidal active ingredient 
at the time (Farm & Food Care Ontario, 2015). It was first registered for 
use in Canada in 2010 and currently there is only one product with 
flonicamid as the active ingredient registered in Canada (BELEAF 50SG, 
ISK Biosciences Corp.) (PMRA, 2020). BELEAF 50 SG is registered for use 
on flax, field vegetables, pome & stone fruit, outdoor ornamentals, and 
Christmas trees (PMRA, 2020), so it is not surprising that flonicamid in 
water samples was associated with greenhouses and nurseries in the 
upstream catchment (Fig. 2). 

Non-agricultural land uses (forest/shrub/grassland, water/wetland, 
urban/barren) and other agricultural crops (e.g., canola, vegetables, 
berries, pulses, sod, tobacco, and others; see Supplemental Data 

Table S4) ordinated oppositely (and therefore were most dissimilar) to 
most pesticides and soybean, corn, grains/cereals and greenhouses/ 
nursery agricultural land uses. A number of studies have observed that a 
greater proportion of natural land use (forest/shrubland/grassland; 
lower proportion of agricultural land use) in the upstream catchment 
can relate to a lower exposure of streams to pesticides (Schriever et al., 
2007; Bunzel et al., 2014; Sanford and Prosser, 2020). The herbicides 
MCPP (also known as mecoprop), 2,4-D, and triclopyr had positive 
NMDS2 scores and ordinated along with non-agricultural land use. 
MCPP is a selective herbicide that is registered for use on turfgrass and 
field crops to control broadleaf weeds and is often formulated with other 
phenoxy herbicides (e.g., 2,4-D, MCPA, dicamba) (PMRA, 2020). MCPP 
was not listed in the survey on agricultural pesticide use in Ontario 
conducted in 2013/2014 which is expected as herbicide formulations 
containing MCPP are mainly used on turfgrass (e.g., golf courses) in 
Ontario (Farm & Food Care Ontario, 2015). While golf course land use 
was not specifically categorized in this study, given the relatively large 
size of some watersheds and the prevalence of golf courses in Ontario, it 
is likely there were golf courses in some upstream catchments that may 
have been captured in the ‘urban/barren’, ‘other agriculture’ or ‘for-
est/shrub/grassland’ land use categories. Triclopyr is a selective herbi-
cide registered for use in forest and woodland management areas to 
control broadleaf weeds (PMRA, 2020). Like MCPP, triclopyr is used 
outside of agricultural applications on land uses that may have been 
captured in the ‘urban/barren’, or ‘forest/shrub/grassland’ land use 
categories. 2,4-D is a widely used herbicide for many applications that 
could span a number of land use categories. The ordination location of 2, 
4-D in ‘neutral’ space between land uses was therefore expected. 

It is important to acknowledge that there are a number of potential 
explanatory variables that could explain the concentration of pesticides 
in water which have not been considered due to a lack of data. Other 
studies have shown data on the quantity and timing of pesticides used in 

Fig. 2. Non-metric multidimensional scaling (NMDS) plot of mean dissolved pesticide concentrations and upstream land use. Fitted pesticide and land use factors in 
grey were not significant (p > 0.05) however are plotted for qualitative visualization; those in black were significant (p < 0.05). Acronyms are as follows and listed in 
Table 1: ACI = acifluorfen; ATZ = atrazine; BSC = boscalid; BTZ = bentazon; CLO = clothianidin; DIC = dicamba; FLO = flonicamid; IMI = imidacloprid; MET =
metolachlor; MTZ = metribuzin; THX = thiamethoxam; TRI = triclopyr. 
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the upstream catchment correlates directly with the type and concen-
tration of pesticides observed in streams (Kreuger, 1998; Hunt et al., 
2006; Stackpoole et al., 2021). However, this data is not collected in 
Ontario. As mentioned, Ontario relies on a voluntary farmer survey to 
collect data on the type and magnitude of pesticides used in the province 
and this survey was not conducted as scheduled in 2018 due to low 
participation from a number of sectors of the agricultural industry (Farm 
& Food Care Ontario, 2015). This study also did not incorporate data on 
precipitation, soil type, extent of riparian buffer, and extent of tile 
drainage in agricultural fields in the upstream catchment of each sam-
pling site. These factors play an important role in pesticide travelling 
from the field of application to surface water (Novak et al., 2001; Fortin 

et al., 2002; Montoya et al., 2006; Tran et al., 2010; Wettstein et al., 
2016; Schmidt et al., 2019; Prosser et al., 2020). Some of these data 
types were not incorporated in this study due to availability and/or 
robustness of the data for the area covering our study sites. Collecting 
this type of data across a large province can be logistically challenging, 
however, this study underscores the importance of collecting this type of 
data to gain insight on pesticide exposure to streams. 

3.2. Correlation between dissolved pesticide concentrations and 
additional water quality variables 

Significant correlations were observed between pesticide 

Fig. 3. Non-parametric correlation coefficient (Kendall’s tau) for concentrations of pesticides and number of pesticides detected versus other measured water quality 
variables across all 18 study sites from 2015 to 2019. Panel A (top) shows correlations for samples collected year-round; panel B (bottom) shows correlations for only 
samples collected during the months of May and June. Colour indicates strength of correlation, with blue indicating a strong correlation and white indicating a weak 
correlation. Tau coefficients are only listed for significant (p < 0.05) relationships. N = 353–392 for all correlation tests. (For interpretation of the references to 
colour in this figure legend, the reader is referred to the Web version of this article.) 

M. Raby et al.                                                                                                                                                                                                                                   



Chemosphere 294 (2022) 133769

8

concentrations and other water quality variables for samples collected 
year-round, however most correlations were weak to moderate in 
strength (p < 0.05, Kendall’s tau 0.05–0.5 (Fig. 3A, Supplemental Data 
Table S26). Most correlations improved in strength when only samples 
collected during crop planting season (May, June) were considered 
(Fig. 3B, Supplemental Data Table S26). Pesticides used during the early 
stages of crop growth such as the herbicides atrazine, MCPA, 2,4-D, 
neonicotinoid insecticides (NNIs) applied as seed treatments (clothia-
nidin, thiamethoxam), and the total number of pesticides detected in a 
sample showed the most improvement in correlation strength when 
samples from May and June were isolated. The number of pesticides 
detected in a sample often showed a stronger correlation with nutrients 
and suspended solids than individual pesticide concentrations did, 
except for the NNIs clothianidin and thiamethoxam and the herbicide 
2,4-D (Fig. 3). Concentrations of the NNIs clothianidin and thiame-
thoxam showed the strongest correlations (Kendall’s tau 0.17–0.5, p <
0.01 for year-round samples) with concentrations of nutrients and sus-
pended solids, indicating that NNIs, nutrients, and suspended solids 
could share a transport pathway from land to streams, as particular land 
uses/activities in the upstream catchment could promote the release of 
NNIs, nutrients, and suspended solids. A number of studies have 
observed that in catchments with a high density of agricultural land use, 
elevated concentration and number of pesticides detected in streams 
often corresponds with elevated nutrients (Mitchell et al., 2005; Falcone 
et al., 2018; Solis et al., 2019; Marrochi et al., 2020). While it is easy to 
focus on pesticide exposure, the correlation between NNIs, nutrients, 
and suspended solids highlights the importance of considering that 
aquatic ecosystems can be exposed to multiple factors that may affect 
their health due to activities upstream (Barmentlo et al., 2018; Cavallaro 
et al., 2019; Chara-Serna et al., 2019). For example, Barmentlo et al. 
(2018) observed that the effect of the NNI thiacloprid on freshwater 
invertebrates was reduced under conditions with elevated nutrients, 
which they hypothesized was due to increased primary production 
providing increased forage for invertebrates. 

3.3. Screening-level hazard assessment to aquatic life 

The Pesticide Toxicity Index (PTI) was used to assess the potential 
hazard of each sample to aquatic life at the point-of-collection, and the 
distribution of PTI scores was used to assess overall hazard to aquatic life 
in southern Ontario agricultural streams. Since data below the MDL and 
the MQLs was treated as zero in the PTI calculation, elevated MDL and 
MQLs for samples collected and analyzed prior to 2014/2015 likely 
artificially lowered PTI scores and PTI scores therefore represent mini-
mum values. Comparisons of the distribution of PTI scores before and 
after 2015 showed that at many sites, scores were significantly different 
(Wilcoxon test, p < 0.05) for samples collected between 2012–2014 and 
2015–2019. (Supplemental Data Figures S2–S6). Consequently, we 
focus here on PTI results from years 2015–2019 as they capture a more 
recent and comprehensive outlook of hazard to aquatic life. 

Hazard to aquatic life was assessed based on the distribution of PTI 
scores for each of five taxa: benthic invertebrates, cladocerans, fish, 
algae, and macrophytes. Benthic invertebrates had the highest overall 
PTI scores across all sites (median 0.0024). Scores for algae and mac-
rophytes were an order of magnitude lower, and scores for cladocerans 
and fish were very low (<10− 5) (Table 2). In general, PTI scores were 
under thresholds where acute or chronic toxicity would be expected. 
However, at some sites PTI scores for some samples did exceed chronic, 
and in very few cases, acute thresholds for toxicity, indicating hazard to 
aquatic communities may be present at select sites. 

Very few samples exceeded the threshold for acute toxicity with a 
PTI score >1.0 (8/601, 1.3%). The majority (7/8) were also collected at 
Lebo Drain, where concentrations of chlorantraniliprole and imidaclo-
prid were the drivers of potential toxicity. One sample from Reynolds 
Creek had highly elevated levels (77 μg/L) of the herbicide metolachlor, 
which was sufficiently high to potentially cause an acutely toxic 

response to macrophytes and algae; however, this was the highest 
concentration of any pesticide observed across all sites and years and 
was more than double the next highest concentration of metolachlor (29 
μg/L). 

A total of 63/601 (10.5%) of samples exceeded the threshold for 
chronic toxicity with a PTI score >0.1 for at least one taxon. The ma-
jority (29/63) of these samples were concentrated at one site, Lebo 
Drain, where elevated concentrations of the insecticides chloran-
traniliprole and imidacloprid were sufficiently high to cause toxicity to 
cladocerans and benthic invertebrates, respectively (Fig. 4, Supple-
mental Data Tables S27–S28 and Figure S12). The remaining samples 
that showed potential chronic toxicity were spread throughout 12 other 
sites, and in all cases comprised less than 20% of the overall samples 
from a given site. In addition, while at Lebo Drain the taxa expected to 
be most at risk were cladocerans and benthic invertebrates, at most 
other sites there was an equal or greater hazard to primary producers 
(algae, macrophytes) (Fig. 4). 

The pesticide with the greatest contribution to the overall PTI score 
of an individual sample was identified and the contribution of that 
pesticide was termed the TUmax. The neonicotinoid insecticide imida-
cloprid was found to be the dominant driver behind toxicity to benthic 
invertebrates (Fig. 5). Imidacloprid and other NNIs have repeatedly 
been shown to be toxic to benthic invertebrates in laboratory and 
mesocosm-based studies at environmentally-relevant concentrations (e. 
g., Raby et al., 2018; Cavallaro et al., 2018) and have been implicated in 
the decline of the aquatic insect community in exposed water bodies 
(Morrissey et al., 2015; Hladik et al., 2018). The toxic concentration 
values for benthic invertebrates in the Pesticide Toxicity Index database 
for clothianidin and thiamethoxam of 59 μg/L and 967 μg/L, respec-
tively (Nowell et al., 2014), do not consider more recent toxicological 
studies that would lower these toxic benchmark values. Draft water 
quality guidelines by the Canadian Council of Ministers of the Envi-
ronment (CCME) and Health Canada’s Pest Management Regulatory 
Agency make use of similar methodology as the PTI (namely the species 
sensitivity distribution (SSD) approach) and have derived values several 
orders of magnitude lower than those in the PTI. Other benchmark 
values such as the United States Environmental Protection Agency’s 
Office of Pesticide Products Aquatic Life Benchmarks apply a ‘level of 
concern’ to an applicable fish or invertebrate acute toxicity value, some 
of which are lower than those in the PTI (US EPA, 2020). If such values 
were used in place of existing PTI values, calculated PTI scores would be 
considerably higher, and a larger proportion of samples collected in this 
study would have scored as potentially toxic. For example, applying the 
United States Environmental Protection Agency’s Office of Pesticide 
Products Aquatic Life Benchmarks to this same dataset showed 22% of 
samples exceeded the chronic benchmark of 0.01 μg/L imidacloprid, 
and 25% of samples exceeded the chronic benchmark of 0.05 μg/L 
clothianidin (US EPA, 2020). Few samples exceeded US EPA Aquatic Life 
Benchmarks for other NNIs (e.g., thiamethoxam, acetamiprid, thiaclo-
prid). The use of a desktop hazard assessment such as the PTI may not 
however accurately capture toxic effects, as demonstrated by Schepker 
et al. (2020) who found a negative associated between NNI 

Table 2 
Summary of Pesticide Toxicity Index (PTI) scores for 601 samples collected from 
18 sites from 2015 to 2019.  

Taxa PTI Score Percent exceeding hazard 
threshold 

Mean Median Range Chronic (PTI 
>0.1) 

Acute (PTI 
>1.0) 

Algae 0.0203 0.0006 0–1.669 4.0 0.2 
Benthic 

Invertebrates 
0.0900 0.0024 0–13.38 7.8 1.1 

Cladocerans 0.0125 0.00001 0–1.151 2.8 0.5 
Fish 0.0009 0.00001 0–0.0869 0 0 
Macrophytes 0.0193 0.0001 0–1.749 4.0 0.1  
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concentrations and aquatic invertebrate biomass in wetland study areas, 
despite NNI concentrations falling below US EPA Aquatic Life Bench-
marks. Of the pesticides monitored in water, elevated concentrations of 
NNIs pose the greatest hazard to aquatic invertebrate communities in 
Ontario’s streams exposed to pesticides. This conclusion echoes several 
recently published studies in stream (Liess et al., 2021; Stackpoole et al., 
2021) and wetland (Schepker et al., 2020) habitats. 

The ryanoid insecticide chlorantraniliprole was the major driver 
behind toxicity to cladocerans. Recent toxicological studies have shown 
toxicity to Chironomus dilutus (96-h LC50 = 4.0 μg/L, Maloney et al. 
(2020)) and Neocloeon triangulifer (96-h LC50 = 2.9 μg/L, Sanford et al. 
(2021) at levels that are within the range of those detected in the present 
study at Lebo Drain (median measured concentration of chloran-
traniliprole 0.545 μg/L, maximum 8 μg/L). Given that the use of 

Fig. 4. Percentage of 601 stream water samples collected from 2015 to 2019 across 18 agricultural stream sites in southern Ontario that exceeded Pesticide Toxicity 
Index (PTI) thresholds of 0.1 for chronic toxicity and 1.0 for acute toxicity. 

Fig. 5. Distribution of pesticides with the greatest contribution towards PTI scores (termed maximum toxic unit, or TUmax) in samples with Pesticide Toxicity Index 
score (PTI score) > 0.1. All fish-PTI scores were <0.1. Data restricted to samples collected between 2015 and 2019. Pesticide class is listed in the legend after the 
pesticide: H = herbicide; I = insecticide; R = ryanoid class; OP = organophosphate class; NNI = neonicotinoid class. 
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chlorantraniliprole and other diamide/ryanoid insecticides may in-
crease in future years as a response to restrictions on neonicotinoid in-
secticides, future toxicological studies and environmental monitoring 
should include this class of pesticides. 

Pesticide concentrations and PTI scores showed a seasonal pattern 
with the highest concentrations and PTI scores occurring in the month of 
June (Supplemental Data, Figures S7-S11). This pattern coincides with 
the agricultural growing season in southern Ontario and the average 
timing of herbicide and insecticide application (e.g., herbicide applica-
tion made prior to and after crop emergence, or NNI application via 
planting treated seed). This ‘spring flush’ phenomenon has been 
repeatedly observed in Ontario and North America with herbicides 
(Thurman et al., 1991; Nowell et al., 2018); and neonicotinoid in-
secticides (Struger et al., 2017). Very little sampling occurred in this 
study during the winter months (December, January, February, March) 
with only 23 winter samples collected in 12 sites. However, herbicide 
concentrations (MCPP, MCPA, 2,4-DP and triclopyr) in the samples that 
were collected showed levels similar to those in samples collected during 
the growing season suggesting some level of pesticide transport during 
the winter months. Too few samples were collected during winter 
months to draw conclusions on pesticide concentrations in the winter 
months and additional sampling is needed at all sites in the winter 
months to determine seasonal patterns in pesticide concentrations over 
the entire year. 

Several pesticides that were frequently detected (in >10% of sam-
ples) did not have PTI toxic concentrations for benthic invertebrates, 
cladocerans, or fish. The absence of PTI toxic concentrations for pesti-
cides that are frequently detected in samples would result in underes-
timation of the PTI score across sites, and thus, hazard would be 
underestimated. The pesticides for which this applied (MCPP, MCPA, 
2,4-DP and triclopyr) were detected in most sites across the province 
meaning any underestimation of hazard was not concentrated to a 
specific site. It is also important to note that the four frequently detected 
pesticides missing PTI toxic concentrations were all herbicides. Conse-
quently, their toxicity to vertebrates and invertebrates is relatively low 
compared to insecticides and fungicides (Fargašová, 1994; Belgers et al., 
2007; Fairchild et al., 2009). This means that the underestimation of 
hazard to aquatic vertebrates and invertebrates using the PTI approach 
in this study is very low. However, this highlights a limitation in the PTI 
approach to assess the hazard of pesticide mixtures. The approach does 
not include a PTI score for aquatic primary producers (e.g., algae, 
macrophytes), which means the PTI score (without the amendments 
added in the present study) does not speak to the hazard of pesticide 
mixtures to primary producers. This is a concern as the majority of 
pesticides (12/17) detected in >10% of samples in this study were 
herbicides (Table 1). The addition of toxic concentrations for algae and 
macrophytes showed some evidence of chronic hazard (<20% of sam-
ples exceeded the chronic threshold, Fig. 4) to primary producers at 
most sites that would have otherwise been overlooked. The use of pri-
mary producer acute toxicity values, however, could overestimate 
toxicity as herbicides temporarily suppress the growth of non-target 
algae and macrophytes, but populations tend to recover once exposure 
is reduced (Fairchild, 2011). The use of single species toxicity tests 
generally do not reflect the complexity of natural systems and their 
capacity for recovery (Fairchild, 2011). The result of some chronic 
hazard to primary producers found in this study may therefore be 
considered very conservative. Other limitations of the PTI approach 
include assuming that pesticide toxicity is only additive (i.e., no syner-
gism or antagonism is taking place) and the inherent uncertainty in 
using laboratory toxicity tests with standard test species to extrapolate 
to real-world potential toxicity (Nowell et al., 2014). 

The results of this study were influenced by the sampling design. 
Samples were collected on an approximately monthly basis and for most 
sites, sample collection during wet-weather events were not targeted. 
This sampling design was chosen to balance resources with obtaining 
ambient pesticide concentrations. Work by Norman et al. (2020) 

examining the influence of sampling frequency on pesticide concentra-
tions showed weekly discrete grab samples were likely to miss peak 
concentrations resulting in acute exposure being underestimated. Given 
the sampling design used in the present study, this was likely the case 
and acute (short-term) exposure was underestimated. In addition, the 
results of this study were influenced by improving analysis methods, so 
the number of analytes measured improved over time, and the con-
centrations at which those analytes could be measured decreased. More 
pesticides were therefore detected and at lower concentrations in the 
later years (2015–2019) than earlier (2012–2014). This underscores the 
importance of placing pesticide monitoring results in the context of 
analysis methods. These limitations are important to note against the 
backdrop of the usefulness of the PTI as an indicator of relative pesticide 
toxicity and water quality. 

4. Conclusions 

In Ontario’s streams, herbicides and neonicotinoid insecticides are 
the most frequently detected pesticides in water samples. Dissolved 
pesticide concentrations measured in stream water were related to up-
stream land use, with the majority of pesticides detected commonly used 
in agriculture and some (MCPP, triclopyr, 2,4-DP) used in non- 
agricultural vegetation management. Based on the data collected as 
part of this monitoring program, the hazard to aquatic life based on the 
PTI approach is relatively low across southern Ontario. The exception 
was one monitoring site (the Lebo Drain) where concentrations of in-
secticides chlorantraniliprole and imidacloprid were sufficiently high to 
present a potential hazard to aquatic invertebrates. In addition, the 
number of pesticides detected in a streamwater sample was positively 
correlated with nutrients and suspended solids which highlights the 
importance of considering multiple factors/stressors to aquatic health. 
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